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Abstract

Political borders dictate how biological diversity is monitored and managed,
yet wild animals often move freely between jurisdictions. We quantified bias
in brown bear (Ursus arctos) abundance estimates introduced when analytical
methods ignore that the same individuals may be accounted for in more than
one jurisdiction. A spatially explicit population model revealed that up to 49%
of female bears detected in Norway via microsatellite analysis of scat and hair
samples have their center of activity in neighboring countries (Finland, Russia,
and Sweden). Not accounting for detections of “foreign residents” resulted
in abundance estimates that were inflated by as much as 119%. Like man-
agement and conservation, monitoring of transboundary wildlife populations
should take place at ecologically relevant scales to avoid biased abundance es-
timates and a false sense of control. When political realities isolate jurisdictions
from their neighbors, spatially explicit analytical approaches can allow local or
national programs a glimpse beyond their borders.

Introduction

There is a growing interest in monitoring and man-
aging wildlife populations according to their ecological
configuration, instead of artificial administrative bound-
aries (Block et al. 2011). Still, today’s reality remains one
of jurisdiction-based assessment, action, and account-
ability (Linnell & Boitani 2012; Selier et al. 2014). In
most countries, national or local authorities are charged
with monitoring and managing wildlife, meanwhile pres-
sured and scrutinized by their lobbies and stakeholders,
primarily hunters, landowners, and environmentalists
(Cirelli 2002). The number of individual animals within
a jurisdiction, or some proxy thereof, remains the main
currency for assessing status, guiding policy, and in
some cases meeting international obligations. While pol-
icy makers and wildlife managers have to respect the

borders of their jurisdictions, wild animals under their
auspices do not, unless jurisdictional boundaries coin-
cide with physical barriers (McCallum et al. 2014). The
challenges posed by transborder wildlife are particularly
conspicuous for migratory species (Block et al. 2011), but
the problem is inherent to all populations comprising in-
dividuals sufficiently mobile to cross a political border
(Lambertucci et al. 2014).

In this study, we quantify the degree to which border-
crossing individuals can inflate naı̈ve jurisdiction-specific
abundance estimates of a highly mobile large carnivore,
the brown bear. The Norwegian Government expresses
national and regional management goals for brown bears
as the number of annual reproductions (i.e., females that
have produced a litter of cubs), which it derives from the
number of individual female bears detected in the coun-
try (Bischof & Swenson 2012). As a centerpiece of the
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national monitoring program, Norwegian management
authorities have amassed an extensive data set on in-
dividual brown bears based on microsatellite analysis
of scat and hair samples collected annually through-
out the country’s bear range since 2009. Noninvasive
genetic sampling utilizes genetic sources left behind by
wildlife (such as hair, feathers, urine, or feces) and is
now a widespread method for monitoring large ter-
restrial carnivores, especially members of the Felidae
(Mondol et al. 2009), Canidae (Cubaynes et al. 2010), and
Ursidae (Boulanger et al. 2008), without the need to phys-
ically capture individuals. Although noninvasive genetic
detections of female bears span a latitudinal range of over
1,000 km, they are concentrated into six clusters and
all of them abut Norway’s eastern border. Consequently,
Norway shares its bears with three neighboring countries:
Sweden, Finland, and Russia (Bischof & Swenson 2012).

There are two prevailing challenges associated with
estimating numbers of free-ranging wild animals. First,
detection is typically imperfect, i.e., not all individu-
als present are actually detected. Capture-recapture (CR)
models, a mainstay in wildlife research for nearly half a
century (Amstrup et al. 2005), estimate detection prob-
ability and account for it when producing estimates of
ecological parameters of interest, such as abundance
(Williams et al. 2002). Second, once abundance estimates
have been obtained with traditional CR analyses, it is
not obvious which space the estimates are linked with
if the survey area does not cover the entire habitat avail-
able to and used by individuals in the focal population.
Recently developed spatially explicit capture-recapture
(SECR) models establish this link by estimating a latent
variable – an individual’s center of activity – from the spa-
tial pattern of detections (Efford & Fewster 2013; Royle
et al. 2013; Figure 1). If an individual using multiple ju-
risdictions is to be credited to one of them, the location of
the center of activity is an intuitive determinant of “res-
idency,” which is also the notion for linking abundance
with location, thereby arriving at density estimates, in
SECR models.

Following this rationale, we built a Bayesian spatially
explicit population model based on the spatiotemporal
configuration of genotyped scat and hair samples from
female bears detected in Norway from 2009 to 2013.
Comparing estimates from two versions of the model
– one that assumes that borders are impermeable to
bear movements and one that does not – we demon-
strate that jurisdiction-specific abundance estimates for
transborder wildlife populations can be drastically biased
upward, with direct consequences for management and
conservation.

Methods

Noninvasive genetic sampling

Brown bear hair and fecal samples were collected an-
nually between 2009 and 2013 throughout the species’
range in Norway as part of the country’s National
Large Predator Monitoring Program (Miljødirektoratet
& Naturvårdsverket 2014; Figure 2, Figure S1). Ge-
netic samples were genotyped with nine microsatellite
markers to determine individual identity and sex. De-
tails about sample collection and genetic analysis are
provided elsewhere (Andreassen et al. 2012; Schregel
et al. 2012).

Model description

We built a CR model with the following general at-
tributes: (1) hierarchical; imperfect detection is accounted
for with an encounter model, (2) spatially explicit; loca-
tions of female activity centers are modeled as latent vari-
ables with a spatial detection function, and (3) multistate;
population dynamics over multiple years are modeled via
transitions between states.

At the core of the model are two main processes: detec-
tion and state transitions. Population dynamics are mod-
eled as a multistate Jolly-Seber model, which estimates
recruitment and survival, as well as abundance, while ac-
counting for imperfect detection (Seber 1965; Schwarz &
Arnason 1996). Following the notation used in Kéry &
Schaub (2012), individual state transitions are modeled
as

� =
unborn alive dead

unborn 1 − γ γ 0
alive 0 ϕ 1 − ϕ

dead 0 0 1

(1)

with recruitment parameter γ and survival ϕ. Rows and
columns in the matrix indicate states of departure at time
t and states of arrival at time t+1, respectively. The com-
plement of the survival parameter 1- ϕ represents the
joint probability of mortality and permanent emigration,
whereas γ is a nuisance parameter without direct biolog-
ical interpretation because it represents transition from
the pool of (augmented) available individuals (Kéry &
Schaub 2012).

State membership z(i, t) for individual i at time t takes
value 1 if unborn, 2 if alive, and 3 if dead. Thus, z is
the result of a Markovian process and develops over time
according to the multinomial distribution (Gimenez et al.
2007; Royle et al. 2013)
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Figure 1 Main processes and concepts of a model to estimate spatially referenced abundance of a transborder wildlife population. (a) Brown bears

deposit sources of their DNA (hair and scat) within their home ranges. If administrative borders are permeable to wildlife, bears detected within the focal

jurisdictionmay have their centers of activity located within that jurisdiction (black symbols) or outside of it (white symbols). DNA deposition, and thus the

probability of detecting a bear, declines (lighter green shading) with increasing distance from the center of activity (bear symbols). (b) This relationship can
bemodeled using a decay function. (c) The population dynamic process is represented by a multistate model, where individuals can enter the population

with probability γ (recruitment) from a pool of “unborn” animals, and, once alive, can either remain alive with probability ϕ (survival) or enter the pool of

“dead” individuals with probability 1- ϕ (Figure S3).

z (i, t + 1) |z (i, t) ∼ multinomial (1, � [z (i, t) ,]) (2)

where �[z(i, t),] is the z(i, t) th row of the �

matrix.
Detectability of individuals is state-dependent, accord-

ing to the observation matrix

� =
detec ted not detec ted

unborn 0 1
alive p 1 − p

dead 0 1

(3)

where both rows and columns are defined for time
t. Individuals in the “unborn” (z(i, t) = 1) and “dead”
(z(i, t) = 2) states cannot be detected. For individuals in
the “alive” (z(i, t) = 3) state, the probability p of detect-
ing individual i at detector j is a half-normal function of
the distance d between the detector and the individual’s
center of activity s at time t (Figure 1; see also Efford
et al. 2009)

pi jt = p0exp
(−di jt

2/2σ 2
)

(4)

where p0 and σ are the magnitude and scale parameter,
respectively.

The encounter indicator y (detected, not detected) of
individual i at detector j and time t is linked with the in-
dividual’s state z through

yi j t |z (i, t) ∼ multinomial (1, � [z (i, t) ,]) (5)

where �[z(i, t),] is the z(i, t) th row of the � matrix.
The total number of individuals (alive) at time step t is

then calculated as

Nt =
M∑

i=1

I (z (i, t) = 2) (6)

where I is an indicator function returning 1 for z = 2 and
0 for individuals in states 1 and 3.

Instead of a population-level point process (Royle et al.
2013), we use an individual point process to describe the
probability distribution of the location of a female bear’s
center of activity across the available space (i.e., all mask
grid cells within the focal area)

μ (i, k, t) = μ0exp
(−ḋ2

ikt/2σ̇ 2
)

(7)

where
∑K

k=1 μ(i, k, t) = 1. Here, ḋ is the distance be-
tween mask grid cell k (out of K total) and the center of
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Figure 2 Noninvasive genetic detections of female brown bears in Norway and predicted number of activity centers. Country-wide plot: Locations of

DNA samples from female bears detected between 2009 and 2013 (black dots for samples found in 2013, gray dots for samples found in other years;

Figure S1). Circular dark-shaded regions show female core areas in Sweden (using a kernel density estimator based on locations of dead bears between

2006 and 2012). Area-specific plots: Number of centers of activity (variable size blue dots; darker blue: inside Norway) per 100 km2 for six different areas

predicted with a spatially explicit capture-recapture model based on noninvasive genetic detections (scat and hair samples) of individual bears. Density

estimates are shown across the habitat mask (10 km × 10 km grid, transparent blue area). Norwegian land borders are permeable to bears. The habitat

mask therefore extends into neighboring countries, allowing for the possibility that bears detected in Norway have their activity centers outside the

country (Figure S2).

activity location during the previous time step, and σ̇

is the scale parameter signifying the declining probabil-
ity associated with increasing distance from the previ-
ous center of activity location. Parameters ḋ and σ̇ are
marked with single dots to distinguish them from the dis-

tance variable and scale parameter in the detection func-
tion, which has the same form (half-normal). This ap-
proach stochastically links an individual’s center of activ-
ity location at t with its location at t-1, following the bio-
logical rationale that an individual’s centers of activity in
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consecutive years are likely to be near each other, rather
than randomly placed anew each year (Royle et al. 2013).

We link μ with the realized location s of an individual’s
annual center of activity such that

sit ∼ multinomial (1, μ (i, 1 : K , t)) (8)

To arrive at spatially referenced abundance estimates,
we first determine the number of centers of activ-
ity of individuals with state “alive” at each mask grid
cell (or any other pixel of arbitrary size, see Royle
et al. 2013) and then sum this value over all mask
grid cells that fall within the focal area. These steps
were made relatively easy by the Bayesian approach
in conjunction with Markov Chain Monte Carlo sim-
ulations that we undertook. Descriptions of the SECR
modeling approach are provided, for example, by Efford
et al. (2009), Borchers (2012), and Royle et al. (2013).
The model was implemented in program JAGS (Plum-
mer 2003) through the R2jags package (Su & Yajima
2012) in R (R Development Core Team 2014). Addi-
tional details about the model, its implementation, and
the full model definition in the JAGS programming
language are provided in the Supporting Information
(Appendix S1 and S2).

Results

Noninvasive genetic detection patterns

Sample collection during the peak collection period
(July–October; Figure S1) and microsatellite analysis led
to 843 successfully genotyped scat and hair samples, be-
longing to 105 female bears. Detections of individuals
over multiple years were common, with 57% of females
detected in 2 or more years, resulting in detection his-
tories from 228 bear-years. Most noninvasive genetic
detections of female bears were located near Norway’s
eastern border, whereas samples from male bears were
spread farther west into Norway (Figure S1). Although
Sweden’s noninvasive genetic monitoring scheme (based
primarily on scat collection) during the same 5-year pe-
riod was more patchy in space and sporadic in time
(Kindberg et al. 2011), several bears (20 females, 54
males) were detected by both Norwegian and Swedish
monitoring programs during occasional simultaneous
collection bouts, which provides firm evidence of trans-
boundary movements.

Spatially linked abundance

On average, between 30% and 49% of female bears de-
tected during the annual peak collection period in Nor-
way had their model-predicted centers of activity located

in neighboring countries. Accounting for imperfect de-
tection and genetic capture of bears with foreign “res-
idency,” we estimated that annually a total of 35–42
female bears had their centers of activity located within
Norway’s borders (Figure 3). The version of the model
that assumed impermeable borders (i.e., any bear dete-
cted in Norway has its centers of activity in the coun-
try) predicted substantially higher jurisdiction-specific
abundance of female bears, between 65 and 78, de-
pending on year (Figure 3). For example, in 2013, 46
individual female bears were detected between July and
October as part of the national monitoring program.
Only 57% of these had their predicted centers of activity
within Norwegian proper. Based on these detections, the
model making the assumption of impermeable interna-
tional borders yielded a total population size estimate of
73 (95% CI: 58–89) in 2013, contrasted with a population
size of 35 (95% CI: 25–47) predicted for the same year by
the model that accounted for transboundary movements
and detection of bears that had their activity centers lo-
cated outside of Norway (Figure 3).

Discussion

Earth’s surface is crisscrossed by a dense web of politi-
cal and administrative borders with direct consequences
for how we monitor, manage, and conserve wildlife. Our
study demonstrates that wildlife population estimates can
be severely distorted if monitoring programs ignore that
individuals detected in one jurisdiction may have their
activity centers in neighboring jurisdictions. A version of
the spatially explicit model that assumed nonpermeable
international borders yielded estimates of the number of
female brown bears in Norway that were inflated by a
sizable 72% to 119%, compared with estimates that ac-
counted for detection of foreign “residents” (Figure 3).
Naı̈ve estimates on each side of a political border may
easily lead to double-counting of a substantial portion
of individuals in a transboundary population, thereby
resulting in significantly inflated estimates of both
jurisdiction-specific and overall abundance.

The need to consider wildlife beyond the borders of
one’s jurisdiction applies to all transboundary popula-
tions regardless of species or the scale of movement.
Nonetheless, getting the numbers right is especially im-
portant when monitoring and managing transboundary
populations that consist of few high-value/high-impact
individuals, such as large trophy mammals, depredators,
or conservation flagship species. Few natural resource
management issues are as controversial and polarized
globally as the management of large carnivores (Treves
& Karanth 2003; Ordiz et al. 2013). In Norway, brown
bears remain at the fringe of the Northern European bear
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Figure 3 Estimated number of female brown bears in Norway with

and without accounting for “foreign residency” of individuals detected

in the country. Green violins: predictions from the spatially explicit

model accounting for transborder movement; violins with gray outline:

predictions from a version of the spatially explicit model that assumes

that borders are impermeable to bears. The shape of the violins

corresponds to the posterior distribution of each parameter (violin

width relative to density), shaded or hashed according to the credible

interval (lighter: 0.95%, darker: 0.5%). White dots indicate the mean of

the posterior distribution. Horizontal white bars mark the total number

of individual females detected in Norway during the 4-month focal

sample collection period; green bars represent the number of females

detected in Norway during the same period whose centers of activity

were predicted by the model to be located within the country.

population both in terms of geography and abundance,
yet public debate on bears and other large carnivores is
substantial (Røskaft et al. 2003), as is the corresponding
allocation of resources for monitoring and management.
Even so, Norwegians have hitherto been counting, and
thus basing their management, on bears with foreign
“residency” (although more recently, an attempt has
been made to correct counts for activity that falls outside
the country; Bischof & Swenson 2012). Ironically, man-
agement in neighboring countries, especially Sweden,
is likely to have a greater impact on bears in Nor-
way than Norwegian management, because female
bears in Norway extend from neighboring core areas
(Figure 2); clearly an essential point for managers to be
aware of.

The Norwegian Government expresses management
goals for brown bears as the number of annual repro-
ductions, an artifact from times when counts based on
observations of females with dependent cubs were con-
sidered more reliable and informative than other individ-
ual observations. Based on this study, managers of bears
and other large carnivores in Norway should consider: (1)
using spatially explicit CR models to derive annual pop-
ulation size estimates that account for imperfect detec-
tion and transboundary movements and (2) expressing
management goals in the estimated number of individu-
als with activity centers in Norway, instead of the current
count-based estimate of the number of reproductions.

We note that estimating the size of wildlife populations
should not be confused with “counting beans,” and local

or national authorities may feel short-changed if given
only credit for individuals that have their (latent) activ-
ity centers within the borders of their jurisdiction. After
all, visiting “nonresident” animals still contribute to biodi-
versity, provide ecosystem services, are available for con-
sumptive and nonconsumptive use, or may be a risk to
humans (Packer et al. 2005) and their property (e.g., live-
stock; Baker et al. 2008). One approach to account for
nonresident activity is to designate partial individuals ac-
cording to proportional area use, a quantity that can be
easily derived from a spatially explicit model.

The inflation of census or abundance data that arise
from double-counting along borders could also bias
formal threat assessments, such as the IUCN red listing
process. Although global assessments motivated the de-
sign of IUCN Red List categories and criteria, there is
often interest in applying them for regional, national,
or local assessments, in part, because many conserva-
tion actions are taken at the subglobal level (Gärdenfors
2001; Milner-Gulland et al. 2006). The challenge associ-
ated with subglobal assessment has been more conspic-
uous for migratory species (Milner-Gulland et al. 2006),
but assessment of nonmigratory transboundary popula-
tions can also be problematic. This has particular refer-
ence to the application of IUCN criteria C and D, which
deal with small population sizes (Mace et al. 2008), al-
though it should be noted that the guidelines specifically
state that conspecific populations outside the focal region
should be considered during regional or national assess-
ment if these influence the focal population’s extinction
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risk (IUCN 2012). An insular perspective on monitoring
at the subglobal level will also affect global estimates as
these tend to be aggregates of local or national numbers
and trends. If the constituent national or local estimates
do not take into account transboundary movements, the
whole could be less than the sum of its parts.

Our study illustrates how spatially explicit CR models
(Efford & Fewster 2013; Royle et al. 2013) can account
for detection of “foreign residents” in abundance/density
estimation models, even when monitoring data from
neighboring jurisdictions are unavailable or study de-
sign does not conform to that in the focal administra-
tive unit. Population-level monitoring and management
of transboundary wildlife, once achieved, may be vulner-
able to policy changes, political instability, or war (Ellison
2014). Functional local and national conservation orga-
nizations and institutions are necessary to ensure contin-
ued monitoring and long-term conservation (Rodriguez
et al. 2007), and spatially explicit models allow jurisdic-
tions to “see” beyond their borders at times when they
are isolated from their neighbors in terms of monitoring
and management.

The move toward ecosystem-based management of
wild animal populations has spawned a variety of le-
gal and other constructs since the 1970s, including
parks, agreements, conventions, treaties, networks, and
directives, which transcend borders between participat-
ing/ratifying countries and range in their geographic
scope from regional to continental and global. Mean-
while, central governments have shown a growing ten-
dency to devolve power in the environmental sector to
local authorities (Cirelli 2002), making wildlife moni-
toring and management patchier. Considering space ex-
plicitly in models for population management, thereby
accounting for transborder movements and “residency,”
leads to a firmer link between statistics and jurisdiction,
and thus better-informed wildlife management and con-
servation, even in cases where cooperation and coor-
dination between administrative neighbors is limited or
nonexistent.

Notwithstanding that brown bear management and
monitoring in Norway differs substantially from that in
neighboring Sweden, Scandinavian carnivore managers
have a history of collaboration and coordination, includ-
ing a shared database for noninvasive genetic monitor-
ing data (Miljødirektoratet & Naturvårdsverket 2014). In
March 2015, the Norwegian Environment Agency and
the Swedish Environmental Protection Agency signed a
memorandum of understanding that formalizes coordi-
nation of carnivore monitoring between the two coun-
tries, a direct response to the growing recognition that
carnivore populations are shared across their borders.
Monitoring, management, and policy should transcend

jurisdictional boundaries, as does the wildlife they are
charged with administering (Plumptre et al. 2007; Hinch
& De Santo 2011). This is especially true for Europe and
other regions composed of many small nations, where
mobile and wide-ranging species routinely cross borders
or where a single jurisdiction is too small to support
viable populations of the focal wildlife species (Linnell
& Boitani 2012). Given geopolitical reality, widespread
population-level management of transboundary wildlife
populations may be an ambitious, possibly utopic, long-
term goal, but quantifying, and thus managing, wild
populations with the recognition that they are shared
with other jurisdictions is a step that can be taken
today.
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